Habitat fragmentation can promote patches of small and isolated populations, gene flow disruption between those populations, and reduction of local and total genetic variation. As a consequence, these small populations may go extinct in the long-term. The ocelot (Leopardus pardalis), originally distributed from Texas to southern Brazil and northern Argentina, has been impacted by habitat fragmentation throughout much of its range. To test whether habitat fragmentation has already induced genetic differentiation in an area where this process has been documented for a larger felid (jaguars), we analyzed molecular variation in ocelots inhabiting two Atlantic Forest fragments, Morro do Diabo (MD) and Iguaçu Region (IR). Analyses using nine microsatellites revealed mean observed and expected heterozygosity of 0.68 and 0.70, respectively. The MD sampled population showed evidence of a genetic bottleneck under two mutational models (TPM = 0.03711 and SMM = 0.04883). Estimates of genetic structure (FST = 0.027; best fit of k = 1 with STRUCTURE) revealed no meaningful differentiation between these populations. Thus, our results indicate that the ocelot populations sampled in these fragments are still not significantly different genetically, a pattern that strongly contrasts with that previously observed in jaguars for the same comparisons. This observation is likely due to a combination of two factors: (i) larger effective population size of ocelots (relative to jaguars) in each fragment, implying a slower effect of drift-induced differentiation; and (ii) potentially some remaining permeability of the anthropogenic matrix for ocelots, as opposed to the observed lack of permeability for jaguars. The persistence of ocelot gene flow between these areas must be prioritized in long-term conservation planning on behalf of these felids.
Introduction
The long-term viability of a species is strongly influenced by its genetic variation. Habitat destruction and fragmentation caused by increasing deforestation, hunting, and other human interference have been promoting population declines in a number of tropical animal species, especially large mammals such as canids and felids [1] [2] [3] . Reduced genetic variation, inbreeding, and fitness decrease are expected genetic consequences of population decline [4, 5] , and often accompany population fragmentation [3] . Fragmented populations can become isolated, thus impairing gene flow, promoting genetic divergence between them [6, 7] and reducing local effective population sizes and genetic diversity [8, 9] . Nevertheless, dispersal capability across a human-dominated matrix can maintain the genetic equilibrium within the remaining populations [10] [11] [12] . For the effective management and conservation of an endangered species one needs to know how its genetic variation is distributed across the landscape, and if there is evidence of gene flow interruption induced by habitat fragmentation.
The ocelot (Leopardus pardalis) is a medium-sized felid that originally ranged from Texas, USA to southern Brazil and Argentina [13] . Until the 1980s, it was intensely hunted and suffered a decline due to the international interest in its pelts [14] . Currently, skin trade is prohibited and the main threats to this species are habitat loss and fragmentation [15] . In this context, recent analyses have indicated that the ocelots in the United States and Mexico suffer with habitat loss and population isolation, with detectable genetic depletion as a consequence [16] [17] [18] .
Most of the habitats that ocelots occur in are currently highly fragmented, such as the Atlantic Forest in South America. About 80% of this ecosystem is composed by fragments of less than 50 hectares (ha), most of which are isolated by long distances [19] . The Interior Atlantic Forest, also known as Upper Parana Atlantic Forest (UPAF) ecoregion (471,204 km 2 ) encompasses southwestern Brazil, northern Argentina, and eastern Paraguay. Most of this original area has undergone significant forest loss and fragmentation since the 1970s. In spite of the recent time frame of this fragmentation process, previous analyses using microsatellite loci have demonstrated that jaguars (Panthera onca) remaining in these forested patches have become significantly differentiated due to drift-induced loss of diversity [9] . This differentiation was strongest when the comparison involved the two most distant forest patches, Morro do Diabo (MD) in the north and Iguaçu region (IR) in the south. Those results indicated that jaguar effective population sizes were very small in the remaining patches, and that the intervening, human-dominated matrix was effectively preventing gene flow among them. Testing if a similar process is occurring with other predators in this region is a critical issue in the context of conservation planning, as different species may be affected differently by habitat loss and fragmentation.
The ocelot's ability to cross rivers and to use a natural corridor connecting different forest fragments has been detected by radio-telemetry in the Atlantic Forest [20, 21] . On the other hand, the species was found to be incapable of crossing the human-dominated matrix between protected areas in Texas, and ~30 km were enough to hinder their dispersal and to induce significant genetic differentiation [17] .
In this context, the goal of the present study was to analyze the genetic structure of ocelot populations inhabiting the IR and MD fragments of the Upper Parana Atlantic Forest ecoregion. We tested if habitat fragmentation has produced detectable genetic discontinuity between the studied populations, and if any loss of diversity can be observed in these forest remnants. By comparing our findings to previous analyses targeting jaguars in the same areas, and ocelots in different areas, we draw conclusions regarding the history of genetic differentiation due to landscape fragmentation in this region and its conservation implications.
Materials and Methods

Study Area and Sampling
We used samples from two protected areas located in the Brazilian Interior Atlantic Forest, within the Upper Paraná Atlantic Forest (UPAF) ecoregion. The Morro do Diabo (MD, n = 14) State Park spans ca. 34,000 ha and is located at the northern end of this ecoregion, in western São Paulo state (Figure 1 ). The landscape surrounding this park is a mosaic of farmlands, roads, and remaining forest fragments (totaling an area of about 10,000 ha). The other sampling site, referred to here as Iguaçu Region (IR, n = 18), comprised the Iguaçu National Park (Brazil) and the Iguazú National Park (Argentina), with a total area of ca. 255,000 ha. These areas are located at the southern end of the UPAF and are connected to each other and also to the forest remnants comprising the Green Corridor of Misiones, in Argentina. The MD and IR are located ca. 400 km from each other, and despite the presence of other protected areas in between, there is evidence indicating that they have been isolated from each other by human-induced fragmentation for 30-40 years [14] .
Laboratory Protocols
The samples (n = 32) were derived from animals previously captured for independent ecological studies in these areas. Fourteen blood and tissue samples were collected in MD in 1999-2000, and 18 blood samples in the IR from 1993 to 2000. We extracted the DNA from all samples using a protocol modified from Sambrook et al. [22] , and assessed genetic variation using 12 microsatellite loci initially developed for Felis catus [23] : FCA008, F42, FCA053, FCA077, FCA096, F98, FCA124, FCA146, FCA391, FCA424, FCA441 and FCA453. We used the fluorescent labeling protocol of Schuelke [24] and synthesized forward primers adding an M13 ( -21) 
Data Analysis
We calculated deviations from linkage equilibrium (LE) and Hardy-Weinberg equilibrium (HWE) with the software GENEPOP'007 [25] using the Markov chain method (10,000 iterations). We also corrected for multiple tests using the Benjamin and Yekutieli method [26] , following the suggestions of Narum [27] . To detect the occurrence of null alleles or large allele dropout, we used the software MICRO-CHECKER 2.2.3 [28] and the Brookfield [29] null allele estimator.
We estimated the expected (HE) and observed (HO) heterozygosity across all loci at each sampling site using GENEPOP'007, and used the FSTAT 2.9.3.2 software [30] to calculate allelic richness (with the rarefaction method to correct for differences in sample size) and to estimate FIS. We used GenAlEx v. 6.5 [31, 32] to survey the total number of private alleles in each population, and also used the rarefaction method correction with the HP-RARE software [33] .
We inferred the possible occurrence of population bottlenecks using the software BOTTLENECK [34] , which compares observed and expected heterozygosities under different mutation models, including the stepwise mutation model (SMM) and the two-phase model (TPM). The TPM included a 95% proportion of alleles attributed to SMM and significance testing with a Wilcoxon test. We also assessed the mean ratio (M) between the total number of alleles and the allele size range, following Garza and Williamson [35] , with the AGARst population genetic package [36] .
To investigate population differentiation, we calculated FST following Weir [37] and using the FREENA software [38] , an efficient method to correct for null allele bias and FST overestimation (so-called ENA correction method). We also used an AMOVA to calculate the pairwise FST with the GenAlEx v. 6.5 software, without correcting for null alleles, and tested for significance with 9999 permutations. We performed an assignment test with GenAlEx 6.5 to test for individuals that were allocated in groups distinct from the one in which they had been collected.
We examined the optimal number of genetic clusters present in the sample with the Bayesian approach implemented in the STRUCTURE 2.1 software [39] . This method assumes HWE and LE within populations, and assesses if genetic subdivision may account for any detected deviation from either expectation. We calculated the most likely number of clusters using a Markov Chain Monte Carlo approach, given the multilocus genotypic data independently of locality information. We evaluated ln likelihoods for k = 1-3 by averaging the results from 30 runs for each value of k, each of which contained a sampled length of 1,000,000 iterations after a burn-in period of 100,000 steps. For these analyses, we assumed the admixture model with correlated allele frequencies.
Finally, we estimated the total effective population size (Ne) of ocelots in these fragments by including all the samples into a single assumed population. We used the linkage disequilibrium method implemented in LDNE 1.31 software [40] with the random mating model using the jackknife approach to assess significance (Pcrit = 0.05).
Results
Two of the 12 microsatellites that were initially tested were excluded from the analyses because they failed to amplify (FCA098) or to produce reliable genotypes (FCA146) despite the wide range of PCR conditions we explored. In addition, we were able to genotype locus FCA96 for only about 70% of the samples, most of which presented homozygous genotypes, including double negative amplifications suggesting the occurrence of null alleles. Therefore, this microsatellite locus was also excluded from the analyses. We thus employed the remaining nine, successfully genotyped polymorphic loci to investigate inter and intra-population levels of variation. The independence among these loci was assumed since we found no statistically significant linkage disequilibrium.
The two sampled populations exhibited very similar levels of genetic diversity (Table 1) . When the mean between the two populations was computed, the expected heterozygosity was 0.71, the mean number of alleles per locus was 6.1, and the mean allelic richness was 5.7. The MD population exhibited a significant HWE deviation at locus FCA453, whereas the IR population showed a significant excess of homozygotes at locus FCA042, both after implementing the B-Y FDR correction (p < 0.0177). The locus FCA441 showed presence of null alleles only in the IR population (12.5%). No false allele or allelic dropout was detected for the others markers. The total FIS estimates were positive in the two populations (IR: 0.078; MD: 0.001), and significantly higher than zero for IR (p < 0.05). We found 15 private alleles in IR and 10 in MD. However, using the rarefaction estimation, the IR and MD values were lower (1.44 and 1.62, respectively).
We detected significant evidence for a population bottleneck with the Wilcoxon sign-rank test for the MD population, and heterozygote excess under the two mutational models TPM and SMM (p = 0.03711 and 0.04883, respectively). Nevertheless, the mean ratio between the total number of alleles and the allele size range (M, following Garza and Williamson [36] ) was 0.750 for MD and 0.776 for IR, in both cases higher than the expected M for a bottlenecked population (M < 0.68).
We detected no significant genotypic differences using the ENA correction method (which corrects for null alleles), with FST = 0.027, (p = 0.077). However, we found a larger divergence without this correction, with FST = 0.038, which was highly significant (p = 0.002). The most likely number of genetic clusters inferred using STRUCTURE was one (K = 1 (mean Ln P (D) = −971.6); K = 2 (mean Ln P (D) = −1060.0); K = 3 (mean Ln P (D) = −1259.5). In addition, when results from k = 2 and k = 3 runs were assessed, all individuals from both sampling sites were equally assigned to all possible clusters, supporting the interpretation that our data set can be best modeled by a single genetic population. Using the GenAlEx assignment test, 27 of 32 (84%) individuals were self-assigned to the population from which they had been sampled. Three individuals from IR and two from MD were assigned to the other population.
Since we found no evidence for genetic differentiation between these populations, we calculated a total Ne including all samples (total 32 individuals). This resulted in an estimate of Ne = 124.9 (CI 46.6-341.1) for the two combined sampling sites. 
Discussion
The average expected heterozygosity (He = 0.71) and number of alleles per locus (6.1) were intermediate relative to values reported previously. A higher diversity was observed for Amazonian ocelots [41] , whereas lower values were observed in the remaining ocelot populations from the United States [16] [17] [18] . It is noteworthy that the microsatellite loci employed in these previous studies were not identical to ours, and therefore this comparison should not be interpreted strictly.
We did not detect clear evidence of population subdivision in our sample, despite previously reported genetic differentiation and lack of migrants in ocelot populations separated by a mere 30 km in North America [17] . Bayesian analyses revealed no meaningful subdivision between our sampled sites, while the FST analyses indicated a low (FST = 0.027-0.038) but statistically significant results. These FST results are low in comparison with the ocelot populations in North America (FST = 0.146-0.367). Knutsen et al. [42] argued that it is difficult to interpret if a low but statistically significant level of genetic differentiation reflects a real substructure, or if it is caused by confounding factors such as retention of shared ancestral polymorphism, high gene flow, or selective sweeps.
However, a previous study on jaguars conducted in the same region reported a significant genetic differentiation between these sampling sites [9] . Since the timing of the fragmentation process (30-40 years) is identical for the two species, and they can be assumed to have similar generation times (ca. 5 years; implying ca. 6-8 generations of isolation in both cases), the contrasting results between them should be accounted for by other factors. One likely explanation would be a difference in their local effective population sizes, which would influence the pace of drift-induced genetic differentiation, and the retention of shared ancestral polymorphism. This is supported by the larger effective population size estimated for ocelots in this study (125 individuals) than that reported for jaguars (ca. 55 individuals [9] ) in the same area.
In addition, it is reasonable to expect that ocelots might have better ability than jaguars to move across the highly modified habitat matrix without being detected (and killed) by farmers and ranchers. Such a difference would also lead to ocelots retaining population connectivity for a longer time than jaguars under this scenario of habitat fragmentation. However, previous telemetry studies demonstrate a strong habitat selection by ocelots for areas with closed wood cover [43] , which may impose difficulties for dispersal in such a fragmented area, as is the case for jaguars [9] . Therefore, even if some gene flow still remains between the two ocelot populations studied here, it is predicted to decline or be completely abolished as habitat discontinuities continue to increase in the future within the UPAF ecoregion.
In conclusion, our data indicate that the ocelot populations sampled in these UPAF fragments must be viewed as a single genetic population. However, in the face of current levels of habitat loss and fragmentation, it is likely that anthropogenic barriers may lead (or have already led) to the complete severing of the connection between these fragments. Despite the low number of samples obtained in this study, the bottleneck inference for the MD population may already represent results of human-induced fragmentation and consequently an in-progress isolation of these populations. Considering that these results are based on samples collected between 1993 and 2000, and that habitat alteration in the region has continued to increase in the last decades, it may be reasonable to assume that this trend of isolation has already been enhanced, and may pose an important threat to these populations in the near future. It is therefore critical to foster immediate landscape management actions that allow the persistence of ocelot gene flow between these areas to preserve its original population structure and maintain its evolutionary potential in the face of continued disturbances. Such actions include the conservation and restoration of intervening habitats (e.g., riparian forests and native woodland patches within private ranches and farms), and the designation of additional protected areas in the region. Taken together, these actions should help ensure the long-term viability of this species in the region, and also benefit the persistence of the UPAF ecosystem as a whole.
